Under the EU Directive 2004/28/EC, an environmental risk assessment of new veterinary medicinal products is required. Given the nature of risk assessment for new applications, there is a need to model exposure concentrations. Critical evaluations are essential to ensure that the use of models by regulators does not result in the propagation of misleading information. The empirical validations of soil exposure models, previously discussed in this journal, indicate that it is impossible to analyse the contribution of every model parameter to the variability in the predictions. In particular, the prediction of the slurry concentration is challenged by uncertainties concerning dilution, mixing and dissipation of residues. Surface water and groundwater models generated highly deviating results compared to the field results, questioning the usefulness of the available screening models. Animal husbandry, slurry handling and environmental conditions throughout Europe are considered in order to define realistic worst case scenarios, to be used in conjunction with distribution models for the environmental risk assessment of veterinary medicinal products at registration. Given the variability in manure management practice throughout Europe, a deterministic approach for the manure-to-soil model was selected. Both worst case and best case scenario were developed. Several modelling assumptions applied in the surface water exposure model for fish nursery effluent were validated against newly available data. Since the available data give no proof that a settling tank contributes to the removal of pesticides from waste water, it is recommended for risk assessment purposes to consider the contribution of the settling tank to removal of pesticides and medicines to be negligible. Surface water dilution factors may be considered to be rather small, a factor of 2, for low flow situations.
Introduction
The marketing of veterinary medicinal products is actively regulated in the European Union (EU) by Directive 2001/82/EC, amended by Directive 2004/28/EC, in order to protect the environment, next to animal health, consumers and professional users. An environmental risk assessment is to be performed at registration and there is a clear policy and regulatory infrastructure to deal with this issue, as well as a number of regulatory guidance documents on the environmental risk assessment (EMEA, 1997 , DG Enterprise, 2000 , VICH, 2000 and VICH, 2003 . Given the nature of risk assessment for new applications, where monitoring data are lacking, there is a need to model exposure concentrations and associated risks. All models are, by their nature, incomplete representations of the system they are intended to model. The regulatory goals of model predictions are diverse and three groups of models are discerned based on their applicability: screening, primary and secondary models (FOCUS, 1995) . The first objective of this paper is to validate existing screening level exposure models for the risk assessment of veterinary medicines spread in manure that have been presented previously in this journal by Montforts et al. (1999) . Addiscot et al. (1995) stated that some form of critical evaluation procedure is essential to maintain the integrity of modelling and to ensure that the use of models by regulators does not result in the propagation of misleading information. Validation is used here in the meaning of establishing whether the model is 'well founded and applicable' (Addiscot and Wagenet, 1985 , Dee, 1995 and Addiscot et al., 1995 . Screening level models do not intend to represent reality accurately, but to provide rapid predictions of the potential environmental fate of a compound (Tarazona et al., 2003) . To validate this claim, the available screening models are compared in Section 2 to field data published in literature for soil, surface water and groundwater (Hamscher et al., 2000 , Hamscher et al., 2002 , Winckler and Grafe, 2001b , Boxall et al., 2002 , Schlüsener et al., 2003 , Aga et al., 2003 and De Liguoro et al., 2003 .
A second objective of this paper is to develop scenarios for the risk assessment under different European conditions. These scenarios should incorporate information on realistic agricultural and veterinarian practice, land use, geomorphology and climate. The objective of the scenarios, in combination with screening models, presented in Section 3 is to function as screening tools in the European registration procedures for veterinary medicines.
Finally, a third objective pursued in section four is the verification of the 50% removal factor, the dilution factor and the emission pattern, assumed for the exposure assessment of the use of medicines in fish nurseries by Montforts et al. (1999) .
The results of the validation exercise are discussed in section five with a view to develop a consistent risk model for the registration of veterinary medicines in the EU.
Screening model validation

Empirical validation of the soil exposure models
Soil exposure screening models for veterinary medicines have been proposed and discussed in literature (Boxall et al., 1997 , Spaepen et al., 1997 , Jorgensen et al., 1998 , WRc-NSF, 2001 and Kelly et al., 2003 . These deterministic and functional models for local exposure concentrations have been applied for other environmental contaminants such as heavy metals, pathogens and biocides (Breimer and Smilde, 1986 , Montfoort et al., 1996 , Walker and Stedinger, 1999 and Van der Poel and Bakker, 2002 . The modelling of regional distributions, applied for nutrients or pathogens in manure, was generally not used for registration of chemicals (Walker, 1997 , Walker et al., 1998 , Walker and Stedinger, 1999 , Vega et al., 2001 and Menzi, 2002 . The exception to the rule is the VetPec model designed for screening assessments in the UK at the registration of veterinary medicines (WRc-NSF, 2001 ).
The soil exposure models at the screening level describe the concentration of the excreted residue in the slurry and the concentration of the residue in soil after application of the slurry. The elementary deterministic soil concentration model used for veterinary medicines is described by:
Q excreted =Q product ·C c ·T treatment ·F excreted ·m animal ·Ncyclus animal with the following explanation of symbols (Table 1) . Empirical data on slurry concentrations and soil concentrations obtained in controlled studies (e.g. with spiked manure) are most useful for the empirical validation of this model, but are scarce in public literature. Data from studies performed in the UK, Germany, Italy and the USA are discussed below.
The data for the veterinary antibiotic sulfachloropyridazine (SCP) obtained in a field experiment in the United Kingdom are deemed useful to verify the soil concentration function (Boxall et al., 2002) . This field experiment was performed with spiked manure spread over a sand soil and a clay soil, and all terms in the model described above were controlled. Soil properties were as follows: clay soil: Ap horizon (0-37 cm) sand 43%, silt 32% clay 25%, pH 6.8, %o.c. 2.2; sand soil: Ap horizon (0-37 cm) sand 69%, silt 21% clay 10%, pH 6.6, %o.c. 1.3.
The sand soil was amended with slurry containing SCP at a concentration that would result in a nominal concentration in our standard models of 440 g kg −1
. Corrected for the actual soil bulk density of the soil, the nominal concentration amounts to 393 g kg −1 dry weight (dw). The initial concentrations measured in the field study range from 232 to 669 g kg −1 dw (averaged over 20 cm depth) and were overall in close agreement (factor < 2) to the predictions. The clay soil was amended with slurry containing SCP at a level that would result in a nominal concentration, corrected for the actual soil bulk density, of 500 g kg −1 dw. The range of SCP concentrations (averaged over 20 cm depth) in the field was highly variable, ranging between the limit of detection and 120 g kg −1 .
In the clay, soil predictions and measurements were not in agreement. Assuming a normal distribution for the field measurements, regression analysis indicated that 90% of the distribution of soil concentrations is within a range of 8-145 g kg −1 dw soil. The modelled concentration of 500 g kg −1 corresponds to the 0.11 percentile of this distribution. The probability of sampling and finding a concentration at 500 g kg −1 or greater is only 0.11%, which makes it unlikely that the nominal concentration has been present anywhere in the field. Thus, the screening model did not predict the measured field concentrations in clay very well. Spatial heterogeneity may have accounted partly for these deviations (Vischetti et al., 1997) , irreversible binding of the test substance to the soil could also be considered, or alternatively, about 90% of the SCP was lost between spiking of manure and analysis of clay soil samples.
Another paper contained empirical data from Germany on both soil and slurry concentrations of a veterinary medicine. Soil concentrations of 15 g sulfadimidine kg −1 soil were found in eastern Westphalia (Germany) in January 2002, in soil where 7 months earlier pig slurry had been applied (Christian et al., 2003) . Pig slurry from the same location as used on the soil, although sampled some 4 months after this soil amendment, contained sulfadimidine at a concentration of 1.1 mg kg −1 wet weight. Assuming incorporation to 30 cm in a soil with a dry bulk density of 1740 kg m −3 , the authors argued that the soil concentration was explained by the slurry concentration. However, since it concerns different batches of slurry, this argumentation is highly speculative unless antibiotic use and operational factors were constant throughout the study period.
The UK field study cited above was only concerned with the soil compartment, not with the slurry compartment. Using the data reported by Hamscher et al., 2000 and Hamscher et al., 2002 on tetracyclines (tetracycline (TC), chlortetracycline (CTC), oxytetracycline (OTC)), a comparison was made between model calculations for one animal type (sows) and one dosage, and measurements in both slurry and soil. Two screening models were used: the Spaepen model (Spaepen et al., 1997 ) and the RIVM model (Montforts, 1999) ; both models were designed to generate realistic worst-case concentrations in slurry and subsequently in soil, in support of the risk assessment at registration. In the model calculations, per place only one sow per year was supposed to be present, dosed with tetracyclines at 40 mg kg −1 bw for 5 days. The excretion factor was set to 1. The degradation rate, expressed in the half-life DT50, for tetracyclines as a group may vary between 4 and 175 days, depending on for matrix, aeration or temperature (Soulides et al., 1962 , Vej-Hansen et al., 1978 , Gavalchin and Katz, 1994 , Kühne et al., 2000 , Ingerslev et al., 2001 , Winckler and Grafe, 2001a and Lumaret and Errouissi, 2002 . In the calculations, the degradation was conservatively assumed negligible. Feeding these figures into the Spaepen model, soil concentrations of 75 g kg −1 dry weight were expected (Fig. 1) . The model calculations presented by Spaepen et al. (1997) were underestimating both the mean initial and the maximum concentrations for tetracyclines (TC, OTC and CTC) . In the RIVM model, the upper limit for the predicted soil concentrations was 207 g kg −1 dry weight. Measurements reported were below or just above the RIVM prediction. The authors noted however that the measured soil concentrations were a factor 2-4 higher than expected based on the corresponding measured slurry concentrations, and considered that this difference indicated the presence of residues in the soil, additional release of bound residues between the sampling in the years 2000 and 2001, or higher application volumes than stated (Hamscher et al., 2002) . Feeding the figures used above into the RIVM model, it predicted a maximum concentration of 52 mg l −1 in slurry at a dosage of 40 mg kg −1 for 5 days (fattening pigs), which resulted in the predicted 207 g kg −1
in soil. Winckler and Grafe (2001c) found in German pig breeding facilities mean tetracycline concentrations of 11.6 mg l −1 and a maximum concentration of 66 mg l −1 in slurry. Compared to these data, the measured concentration in the 'controlled' slurry samples of only 4 mg l −1 reported in (Hamscher et al., 2002) was indeed low. An explanation may be that, due to incomplete mixing of the slurry matrix before the slurry sample is taken, strongly sorbed substances may have concentrated in the solid fraction in deeper layers. Measured concentrations in the liquid fraction may hence have lead to underestimation of the total substance load present. The soil sub-routine in the RIVM model tends to be conservative in predicted exposure levels, which satisfies the need to err on the safe side in the screening phase of a regulatory risk assessment. In particular, the prediction of the slurry concentration is challenged by uncertainties concerning dilution, mixing and dissipation of residues.
Functional validation for surface water
Three screening level models used for registration were available for surface water. The EMEA and RIVM models both contain a transport subroutine (soil-to-water transport rate) and a catchment subroutine (distribution and concentration in surface water) (EMEA, 1997 and Montforts, 1999) . The models are conceived around one algorithm (an export coefficient depending on sorption properties and a static water volume). The RIVM model assumes a dilution factor of 10 and describes the transfer as follows:
Kp soil =Foc soil ·Koc.
The EMEA model assumes a dilution factor of 3.3 and describes the partitioning function as follows.
For both models, the explanation of symbols is in Table 2 . In this methodology, the concentration in surface water depends on the concentration in soil as a result of spreading of slurry. The degree of surface water contamination in these lower level exposure models is not related to the actual transport processes (erosion, run-off and drainage), the ratio between treated soil and receiving surface water, nor to the distance to the surface water. The screening models consider that the soil to water transfer is linked exclusively to the soil porewater concentration, which is estimated from equilibrium processes based on the Koc or related parameters, followed by a dilution factor between soil porewater and surface water. It is also assumed that substances with Koc > 500 l kg −1 will not be transferred to water (EMEA, 1997). The VetPec model is more complex, consisting of a run-off model and an aquifer model that accompany the soil concentration model that follows the Spaepen model described above. Distribution of chemicals between porewater and solids are calculated using fugacity equations. The aquifer and catchment sub-models are capacity models consisting of cells with a limited number of variations in parameter properties, parameterised on English aquifers and river water catchments. Every time step, substance degradation, inflow and outflow are calculated, after which a new equilibrium is obtained (MacKay et al., 1986) . The surface water predictions by VetPec have been validated with a selection of monitoring data on the pesticide isoproturon. The hydrology in the models was however not validated. No validation on less mobile compounds has been performed (WRc-NSF, 2001 ).
These three models were subjected to an empirical validation using data from the field experiment with the veterinary antibiotic SCP performed in the United Kingdom (Boxall et al., 2002) . In the sand soil, soil porewater concentrations of SCP had been measured and, in the clay soil, drain water concentrations had been measured. The fate in the receiving water compartments was however not assessed. The validation of the fugacity models in VetPec was hampered by this approach, since the transfer rates ought to be validated and not the equilibrium concentrations. This validation exercise generated highly variable and unsatisfying results, as shown in Table 3 . These model approaches did not perform satisfactorily as a screening tool. All results are in g l −1
. nc = not calculated.
Few data on surface water contamination by medicines and hormones via land are found in literature. A selection is briefly discussed below to add further considerations to the validity of screening level surface water exposure models. Ivermectin has a sorption coefficient K om of 4500-5500 l kg −1 and is rather persistent in soil with degradation half-lives DT50 (determined at 22 °C under laboratory conditions) of 93 to 240 days (mean 187 days, n = 4) (Halley et al., 1989) . Transport of ivermectin by drainage is to be considered negligible, since this route is not assessed in the EMEA model at Koc > 500 l kg −1
. In a study on run-off from cattle feedlots in the United States, only trace amounts (up to 2 ng l −1 ) of ivermectin were indeed detected occasionally (Nessel et al., 1989) . Oxytetracycline shows strong adsorption behaviour in soils with log Koc of 4-5 (Rabølle and Spliid, 2000) . In an Italian study, no oxytetracycline was detected in drainage ditches adjacent to treated fields (LOD 1 g l −1
) (De Liguoro et al., 2003) , which is consistent with the EMEA model trigger for surface water exposure. In an US investigation, 31% of the water samples proximal to swine farms and 67% of the samples proximal to poultry farms were found to contain antimicrobial compounds used in these farms: chlor-, oxy-and tetracycline, sarafloxacin, lincomycin and sulfadimethoxine, generally at levels < 4 g l −1 (Campagnolo et al., 2002) . In the UK field study, mass losses from soil into drainage water accounted for not more than 0.5% of the dose applied to the soil. Peak concentrations of oxytetracycline were 36 g l −1
. For sulfachloropyridazine, the peak concentration was 613 g l −1 (Kay et al., 2004) . Of sarafloxacin and related fluoroquinolones, the log Koc is reported to be 5-6 (Nowara et al., 1997 and AHI, 1999) . However, the concentrations of tetracyclines and sarafloxacin reported in water (1-36 g l −1 and 4 g l −1 , respectively) do not support the above-mentioned EMEA model trigger. These scarce data cast further doubt on the applicability of the surface water exposure models for screening purposes.
Veterinary pharmaceuticals are released into the soil as part of an organic matter rich matrix, and it is well known that organic amendments including manure can increase but also decrease the adsorption of chemicals to soil (Iglesias-Jimenez et al., 1997 and Morillo et al., 2002) . In addition, the direct transfers of the non-dissolved chemical fraction should be considered. The transfer of particle-bound fractions is particularly important for run-off, while colloidal associations should be considered for drainage since the fraction bound to small particles could also be relevant for preferential flow via macropores. For example, the sorption of oestradiol-17 is associated with the surface area and/or the cation exchange capacity of the soil, with high correlation to particle size (clay) and organic matter. K F values for this substance were in the range of 86-6670 l kg −1 , with K om values of 1800-72500 l kg −1 (median 2600 l kg −1 ) (Casey et al., 2003) . In soil column leaching studies performed with oestradiol-17 , K om values ranging from 950 to 1700 l kg −1 were determined. The strong sorption did not appear to hinder degradation; degradation half-life values of 0.4-10 days were determined (Das et al., 2004) . Nevertheless, from experimental plots treated with horse stall bedding or poultry litter, 20% and 30%, respectively, of the added amount of oestradiol-17 was transported in run-off directly following a simulated storm. In the poultry litter experiment, the total loss in a second simulated storm event seven days later was 69% of the first loss, which is in proportion with the load remaining after the first event (Nichols et al., 1997 and Busheé et al., 1998) .
The screening level models tend to be conservative in predicting exposure levels, which satisfies the need to err on the safe side in the screening phase. However, the trigger value for surface water exposure clearly obscures the possibility of transport of strongly sorbing substances.
Functional validation for groundwater
With respect to groundwater, in Phase I of the EMEA Note for Guidance, the concentration in the ground water is set equal to the concentration in the porewater (EMEA, 1997). The EMEA scheme suggests that the PECsoil as calculated for the upper layer is the input term for the calculation. Conceptually, in this model, the groundwater table reaches to the mixing depth defined by the soil concentration module, or it supposes complete vertical transposition of the residue to the depth of the groundwater table. In this model, partitioning depends on equilibrium sorption to solids, no saturation at binding places and steady-state conditions. Movement, dilution, desorption and transformation are not modelled. As explained in the previous section, in VetPec, the distribution of chemicals between porewater and solids are calculated using fugacity functions.
In Table 3 , a comparison is made between the predictions and the porewater measurements of SCP in the UK field experiment (Boxall et al., 2002) . The accuracy of the partitioning model predictions depended strongly on the soil layer to which the measurements were standardised. If a 5 cm layer was chosen instead of the current 20 cm, calculated concentrations would have been four times higher. In any case, all calculations have overestimated the actual porewater concentrations. The maximum drainflow concentration from the clay field in the first year (Table 3) corresponded reasonably with the EMEA porewater calculation. The field measurements are clearly the result of preferential flow of both solutes and manure-associated particles through soil cracks following a massive rain event. The second year the soil had been tiled and disked, thus cutting off the cracks that lead to the drainpipes, resulting in lower concentrations. Again, these model approaches did not perform satisfactorily as a screening tool.
Scenario development for EU registration
The emission route from slurry to soil and water is unmistakably an important route and a complex one. A critical component for the registration procedure is the identification of relevant scenarios. Since at the screening stage of the exposure assessment already decisions are made on the acceptability of the environmental risk, regulatory authorities have to be careful in choosing exposure scenarios . The actual use pattern of the product should be explored, because repetitive use, season-related use or concurrent uses over large areas, in relation to the timing and scale of emission to the environment (i.e. spreading of manure), have a significant impact on the actual exposure.
Scenario parameters
The exposure modelling investigated above can be split in three major subroutines: one for the animal husbandry phase, one for the slurry handling and one for the environmental phase. The situation of interest that is to be modelled defines the respective parameter values. A specific combination of parameter values is denoted a scenario. The following variables and scenario parameters need to be observed in the scenario and have to be addressed, either as a parameter or by default: emission, storage, substance behaviour during storage, immission into soil, substance behaviour in soil and water, and environmental conditions.
Emission
Disease incidence and dosage are static parameters, since in the risk assessment at registration the modelling is performed using a given prescribed dose to a target animal. Several target animals have more production cycles in one year, which may all need treatment. Depending on the relation between animal cycles and manure storage in the model, a certain number of cycles should be observed in the emission module. Excretion of residues is also an input-parameter in the model. Excretion patterns and cumulative excretion may differ depending on species, race, mode of application and dosage. Data reported in literature suggest that total cumulative excretion may range from 0.2 to 1 and the excretion time from 1 and 100 days, depending on species, substance, dosage and route of administration (Short et al., 1987 , Halley et al., 1989 , Lumaret et al., 1993 , Herd, 1995 , Strong et al., 1996 , Ramazza et al., 1996 and Winckler and Grafe, 2001c . Although the parent compound may be transformed into transformation products, the conjugates may be reverted in the slurry to active compounds (Henschel et al., 1997 and Panter et al., 1999) and others may have some activity themselves (Schowanek and Webb, 2002) . Excretion of metabolites may hence contribute to the effects of the parent compound.
Storage
The input, storage and outflow of contaminated and uncontaminated slurry determine the loads that will reach the soil. Different animal types may contribute to the same slurry storage system and the treated animals do not exclusively determine final concentrations. Slurry production and quality is monitored more or less intensively in EU countries due to the restrictions in the use of fertilisers. The figures in the publications are not always comparable, as they may refer to some (adult) individuals or to the total husbandry system (including young) and are not always identical (due to differences in feed, race and housing conditions). Body weights at treatment are proposed based on adult weights for parent animals and the mean of slaughter weight and starting weight for production animals. Depending on the physical state of the manure, the manure is kept in bedding, piled or stored in tanks or lagoons. Proportions of manure types and storage systems differ considerably between countries (Menzi, 2002) . Depending on structure and handling, the manure can be aerobic or anaerobic and there will be a great variation in temperature, redox potential, pH, and storage time of the slurry. Different manure types and storage systems will influence storage conditions and manure composition in different ways (Donham et al., 1988) . Conditions like oxygen levels, manure age, microbial activity and temperature will determine the fate of organic contaminants to a large extent, but are highly diverse within and between storage systems (Hoeksma et al., 1987 , Novem, 1991 , Jenkins et al., 1997 , Pitts et al., 1998 , Richard et al., 1998 , Arogo et al., 1999 , Qiang, 1999 , Moreira, 2001 and Schiffer et al., 2001 . Depending on climate, season, storage systems and manure structure, temperatures can range from ambient (freezing) to 65 °C (composting) (Kelley et al., 1994 and Eghball, 1998) . For underground slurry storage systems, this range can be narrowed down, because average soil temperatures for Europe range from 4 to 18 °C (FOCUS, 2000) . For storage of solid manure (piles, containers), temperatures can be quite higher and varying due to composting processes (until anaerobicity is reached). The most realistic period in which storage can take place cannot be determined with a rule of thumb. Storage time is a function of manure output and substance and manure input. Since these functions largely depend on the (unknown and individual) substance prescriptions, disease patterns and manure management, either a complete manure model with detailed inputs is needed or a scenario for every livestock category of interest has to be defined. In the latter option, dosing, excretion and manure handling are made part of the scenario rather than of the model algorithms. Given the sheer endless variability described above, the slurry storage, production and removal should be defined in scenarios for screening level models.
Soil immission patterns
Agricultural practices will play a very important role in determining the concentrations of veterinary drugs in the environment. Livestock manure is the second most important source of nutrient inputs to agricultural land (Pau Vall and Vidal, 2001 ). The pattern of agriculture and manure use can vary widely from one region to another. The nutrient content of manure varies from country to country and from one region to another within a country (Provolo and Riva, 2002) . To provide harmonised realistic worst case estimates, the lower nitrogen production standards presented to the European Resource Management of the European Commission DG XI (Ketelaars and Van der Meer, 2000) are proposed (Table 4) . Storage systems differ between countries and animal types. The frequency at which slurry is taken out of the storage facilities can have a different timing. For example, for cattle and pig slurry, seven respectively three moments are considered by (Tijmensen et al., 2002) . Another source reports average slurry storage times of 9 months (range 0-50 months), but it is not specified to what animals the data apply (WRc-NSF, 2000) . Spreading events are monitored at regional levels (Berende, 1998 , ADAS, 1998 and Van Staalduinen et al., 2001 ). In the Netherlands and in Belgium, over 95% of the agricultural (arable) land is manured one to three times per year. The manure produced by livestock will be applied to land, the amount applied being dependent on immission limits for nitrogen and phosphorus, fertiliser recommendations, soil type or crop tolerance for slurry. These limits, which are designed to avoid the excessive input of nutrients in soils, vary across member states. For example in Italy, at national level, the maximum amount of manure, which can be applied to land that is not designated as a vulnerable area, is the annual production from 4 t live weight ha −1 without regard of animal species (Bonazzi, 2002) . Based on the data in Table 4 , the annual load may range up from 275 kg N ha −1 for turkeys to 550 kg N ha −1 for dairy cows. The exact amount that is allowed will depend on the way the production per hectare is quantified over the year, and the nitrogen content of the manure produced. The amount of slurry that is actually applied (in one time) will depend on many other practical factors. A different situation is found in the Netherlands, that designated its entire territory as a vulnerable area under the EU Nitrate Directive (91/676/EC). This directive applies to areas that are vulnerable to leaching of nitrate in all member states and the nitrogen immission standard of 170 kg N ha −1 can be considered as a realistic best case for these areas. Incorporation depths have been recorded in an inventory by WRc-NSF (WRc-NSF, 2000) . Plough depths for slurry and solid manure were in the range of 0-28 cm, with averages of 16.5 cm. Montforts (1999) .
Environmental conditions
Climate and soils are important factors in the determination of chemical concentrations in the environment. In 1993, the European Commission and the European Crop Protection Association jointly established FOCUS (Forum for the Co-ordination of pesticide fate models and their USe), which, as one of its tasks, established standard leaching and surface water exposure scenarios for pesticide registration in Europe. The simple fact that this methodology encompasses the same agricultural fields that are relevant for manure application, predestined these scenarios to be applicable to residues spread by manure as well.
Scenario development for spreading of manure
A general lack of information on distributions of parameter values within and between systems forces one to propose the use of a deterministic model with empirical parameters, defined in a simple scenario of realistic and standardised conditions. The amount of slurry present in storage depends on the time of year and, depending on the number of cycles treated during this time, the concentration in the slurry is determined. A major difference between the two screening models that have been discussed is the time span in which clean manure is produced. The shorter this period, the higher the predicted manure concentrations will be. The amount of manure that is spread containing the residue of the treatment is delimited by the storage capacity of the system and the opportunities to take the slurry out. Most UK farms only have the capacity to store slurry for less than 1 month and in several other European countries from 1 to 12 months (Menzi, 2002) . The depth of incorporation depends on the method of application. In the field, no incorporation has been registered as general agricultural practice. If manure is incorporated, the mean incorporation depth is 16.5 cm. Maximum slurry loads ranged up to 550 kg N ha −1 year −1 and more. Realistic worst case conditions are hence proposed in a simple scenario assuming: single treatment per animal place, standard European nitrogen production values, a manure production volume of 1 month (30 days) containing the full residue, a nitrogen application rate of 600 kg N ha −1 year −1 in one time onto agricultural land, which is distributed over 5 cm soil with a bulk density of 1500 kg m −3
, no dissipation during storage and no after-treatment of slurry. If the exposure calculation according to this scenario fails the trigger for further testing, safe use in all member states is possible. If not, then realistic best case conditions, characterising a possible safe use in vulnerable areas under the Nitrate Directive in the European Union, are proposed in a similar scenario, now assuming active incorporation of slurry into 20 cm of soil, at a nitrogen application rate of 170 kg N ha −1 year −1 in one time. If the trigger for further testing is exceeded, then further assessments should be made at the member state level, since environmental concerns can be a reason to refuse (mutual recognition of) marketing authorisation (Montforts et al., 2004) .
The PECsoil can be used in conjunction with screening level models that predict mass transfer to groundwater and surface water. Both screening level and mechanistic models for distribution of residues from soil provided for pesticide registration by FOCUS are considered as suitable for veterinary drugs as for pesticides (FOCUS, 1995 , Groen, 1997 , FOCUS, 2000 and FOCUS, 2001 ). The simple fact that this methodology encompasses the same agricultural fields that are relevant for manure application predestined these models and scenarios to be applicable to residues spread by manure as well. Application timers in the models should be set to relevant regional conditions for manure application. These may depend on spreading restrictions and where these do not apply, by worst case conditions (e.g. autumn vs. spring conditions).
Fish cultivation
The scale of fish cultivation, dominated by land-based fish nurseries, for commercial purposes, is limited in the Netherlands. The production amounts to about 0.2% of the production of animal husbandry (Luiten, 2002) . In 1994, in total, 26 and 10 companies were involved in cultivating eel and catfish, respectively. Most nurseries use water recirculation systems, in which the water is recycled after a water treatment by filtration. Catfish nurseries discharge on the municipal Sewage Treatment Plants (STP), but 40% of the eel nurseries discharge directly on surface water. Tropical fish nurseries may also contribute to the emission to surface waters (Schrap et al., 2003) .
The surface water exposure scenarios discussed in Montforts et al. (1999) were based on a fish farm that breeds 50 t of eel a year, the median production in The Netherlands. Two scenarios were distinguished, based on the incidence of administration of the product and the type of wastewater treatment: continuous medication; without recirculation/filtration, followed by a settlement tank; or occasional medication ( 4 times a year), without recirculation/filtration before discharge to the settlement tank. After the settlement tank, the water fraction is discharged to surface water. The settling tank is used in order to reduce the amount of precipitation in the waste water before discharge into surface water or waste water treatment systems, but it was also assumed to play a significant role in reducing concentrations of chemicals in the waste water. It was assumed that the settling tank had a removal efficiency of 50%. This removal efficiency was taken from Wagemaker (1993) and is an estimated value based on the average difference between pesticide concentrations that were measured in the influent and effluent of settling tanks used at mushroom production plants, as reported in Van Beersum (1988) . Due to the settlement tank, the total amount of substance emitted was equally spread out over 25 days. In the exposure model, the fish farm discharges on a small waterway that dilutes the effluent by a factor 5 or 3, depending on the water volume discharged. The surface water concentration was therefore constant for at least this 25 day emission period.
In addition to the Van Beersum (1988) data set, data on the concentration of pesticides in wash water from flower bulb processing facilities were now analysed (Frijters, 2000) . The two sets of data analysed contained a total number of 251 observations: individual concentrations of 41 pesticides in the influent and effluent of settling tanks at three different mushroom processing companies at five different time points (Van Beersum, 1988) ; and individual concentrations of 17 pesticides in the influent and effluent of settling tanks used in the washing of flower bulbs (Frijters, 2000) . The difference between influent and effluent concentration, expressed as a percentage of the influent concentration, varied from − 571% (hence increase of concentration) to 100% removal. The 251 samples pairs show an averaged 'removal efficiency' of − 2.4%. The median of the samples was at 17%. Thus, if an indication of the removal efficiency can be derived from these data, the settlement tanks removed on average a negligible amount of the total load of pesticides. Perhaps more important is the (lack of) applicability of the model for the situation of interest. A reduction of the excess organic substances in effluent and an increase of water re-use are the major purposes of wastewater treatment in indoor fish production systems. In fish nursery water treatment systems, a very high concentration of organic matter in wastewater, but hardly any soil, can be expected (Kamstra and Van der Heul, 1998) . A sub-routine describing the effect of sludge retention should thus used and not of soil settlement.
The emission pattern of treated water is of importance. Some treatments require stopping the water flow for some time, followed by transfer of fish to clean water. Therefore, a 100% immediate release should be expected for a worst case estimate. In the original model, emission of the residue was modelled over 25 days, but this retention factor lacks empirical or mechanistic underpinning. In the exposure model, the fish farm discharges on a small waterway that dilutes the effluent by a factor 5 or 3, depending on the water volume discharged. In the Netherlands, about 60 domestic wastewater treatment plants (ca. 20%) have a dilution factor of 2 within 100 m (De Greef and De Nijs, 1990 ). Whether or not the effluent flows of the fish nurseries are similar to those of the domestic treatment plants is unknown. Monitoring of effluent from a tropical fish nursery in the Netherlands, with presumably batch-like treatment, revealed concentrations of 11-41 g l −1 for six therapeutics. The highest concentration found was 120 g l −1 for oxytetracycline. Downstream of the effluent oxytetracycline was measured at a concentration of 57 g l −1 (Schrap et al., 2003) . A dilution factor of only two may be very well applicable to direct emission in low-flow ditches. Given the high sorption coefficient of oxytetracycline of log Koc 4-5 l kg −1 (Rabølle and Spliid, 2000) , dissipation towards the sediment would be expected, but this was not investigated by Schrap et al. (2003) . In another research, at the emission point of a tank-based aquaculture system for trout in northern Italy, a sediment concentration of 246 g kg −1 dry weight was found (Lalumera et al., 2004) . This validation indicates that the surface water exposure model was not well founded, based on generalised data derived from situations that were not applicable. With the aim to eliminate no-risk situations from further assessment, a worst-case assumption would be that the therapeutic concentration would be the environmental exposure concentration. Further risk assessment will require the development of an applicable exposure model.
Conclusions
It is concluded that the original 50% removal efficiency of the settlement tank as used in Wagemaker (1993) and Montforts (1999) lacks empirical foundation since only part of the entire data set (the 'positive' efficiencies) had been used. There is no evidence that a settling tank contributes to removal of a substantial fraction of the total load of dissolved and particleassociated pesticides from wastewater. Monitoring data from a location with direct emission of fish nursery wastewater indicated a dissipation (or dilution) factor of 2 between effluent and downstream surface water concentrations. What dilution factor is most applicable to fish nurseries cannot be determined. Sediment contamination should be incorporated into the exposure model for registration purposes.
The empirical validation of the soil concentration models with (oxy)tetracycline and sulphonamides conducted indicate that it is far-fetched to analyse the contribution of every single model parameter to the variability in the model predictions using random field samples only. Not only variation in doses (a function of dosage and body weight) and excretion factors, dilution, degradation, slurry application rates and soil variability, but also factors such as representative sampling in slurry and soil, and field residue history, complicate the validation of this part of the model. A recent study from the USA confirms this conclusion (Zilles et al., 2005) . It can be concluded that slurry or nutrient concentrations should be related to a realistic time frame in which the contaminated slurry is produced and diluted in order to optimise the worst case predictions; the available field data do not allow for validation of the parameter selection in the models; and that field concentrations may vary a factor 30 within one field. Surface water and groundwater models generated highly deviating predictions compared to the field results. What all models have in common is that soil porewater concentrations are exaggerated compared to the results of the sand soil in the field study, but not compared to the results of the clay soil. This provides reason to assume that surface water contamination is not controlled by sorption alone, and cut-off values on sorption properties are not warranted. A scenario for a simplified soil exposure model has been made, which can be used in conjunction with screening level models that predict mass transfer to groundwater and surface water. Both screening level and mechanistic models for distribution of residues from soil provided for pesticide registration by FOCUS are considered as suitable for veterinary drugs as for pesticides.
Interestingly, the predicted initial soil concentration using the proposed scenario in conjunction with Dutch default conditions, for a high volume compound like (oxy)tetracycline used in pigs or broilers, amounts to 200 g kg −1 soil, with a possible maximum of 1000 g kg −1 soil (Montforts, 2003) . The average concentration of antibiotics in soil based on the total annual consumption of 402 t and the total capacity of agricultural fields to utilise manure in the Netherlands amounts to approximately 100 g kg −1 soil (Van Staalduinen et al., 2001 and MARAN, 2002) . The difference between these results is within an order of magnitude, which suggests that regional scale modelling of soil concentrations may provide suitable approaches for protective risk assessments. The development of regional and catchment area models for assessing pesticides and other agrochemicals, but also manure-borne pathogens, is receiving significant attention (Walker and Stedinger, 1999 , Deelstra et al., 2002 , Arhonditsis et al., 2002 and Bicudo and Goyal, 2003 . In particular, run-off and erosion in vulnerable areas of the Mediterranean region would be suitable processes for regional modelling. Recent studies demonstrate the influence of particle-bound fractions in regional transport modelling and the relevance of erosion in the overall transfer of organic matter from soil to watersheds. These findings suggest that the contribution of these mechanisms can be higher than expected, particularly for chemicals with a high binding potential (McLachlan et al., 2002 and Polyakov and Lal, 2004) . Smith et al. (2001) observed relevant contributions of surface run-off including particles losses for manure applications over 2.5-3.0 t ha −1 slurry solids in UK arable lands. But due to the higher run-off/erosion risk of the Mediterranean region a lower threshold should be considered for this area (Arhonditsis et al., 2002) . Tentatively, screening assumptions could be made on the basis of simplistic models, correlating directly the concentration in the topsoil layer with the expected concentration in the run-off. These models have initially been developed for herbicides. They describe non-linear relationships, with an extraction coefficient representing removal of the pesticide from the top 1 cm soil layer and an exponent representing reductions in the extraction potential with ageing (Leonard et al., 1979 and Southwick et al., 2003) . Additional alternatives are the use of total losses, which may be implemented through probabilistic models (Pablos et al., 1998) . The suitability of these models for pharmaceuticals should be studied. It should be, however, recognised that addressing these transfer routes requires regional models, which cannot be implemented as generalised screening tools.
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